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Working Group on Effects 

Extended information from ICPs and TFs in response 

to questions raised in the frame of the amended 

Gothenburg Protocol review. 
 

 

This informal document has been prepared by the ICPs and TFs under the Working Group on Effects 

to review the progress made towards achieving the environmental and health objectives of the 

Gothenburg Protocol 

 The document is aimed to provide extended information regarding the list of questions for 

subsidiary bodies in annex to document ECE/EB.AIR/2020/3-ECE/EB.AIR/WG.5/2020/3 (Preparation 

for the review of the Protocol to abate Acidification, Eutrophication and Ground Level Ozone as 

amended in 2012), in addition to the information provided in the informal document “Draft report 

on the review of the Protocol to abate Acidification, Eutrophication and Ground Level Ozone” 

prepared by the Gothenburg Protocol Review Group (GPG) for the fifty-ninth Session of the Working 

Group on Strategies and Review, and according to the indications detailed in the document 

ECE/EB.AIR/WG.5/2021/4 (Draft annotated outline of the report on the review of the Protocol to 

abate Acidification, Eutrophication and Ground Level Ozone). 

This draft gathers detailed information about the trends and effects of atmospheric pollutants on 

different receptors (materials, natural vegetation and crops, forested areas catchments and rivers 

and lakes). Because TF-Health and ICP-Modelling and Mapping have currently some activities under 

way, the latest information regarding health effects and critical loads and their exceedances will be 

presented during the 7th Joint Session, and will be included in future  documents. 

To enable a better understanding of the summarized scientific information provided by the WGE in 

the frame of the amended Gothenburg Protocol review, the current document is structured in 

accordance with the different ICPs and the list of questions in Annex I to document 

ECE/EB.AIR/2020/3-ECE/EB.AIR/WG.5/2020/3. 
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Review of the progress made towards achieving the 

environmental and health objectives of the Gothenburg 

Protocol  
 

 

ICP Materials 

 

Question 2.5.a. What is the observed and projected trend in damage to materials and 

cultural heritage due to air pollution above Threshold (acceptable) levels? 

 

Observed Trend 

When looking at observed trends, corrosion and pollution have decreased significantly since the 

early 1990s and a shift in the magnitude was generally observed around 1997 from a sharp decrease 

to a more modest decrease or to a constant level without any decrease. SO2 levels, carbon steel and 

copper corrosion have decreased even after 1997, which is more pronounced in urban areas, while 

corrosion of the other materials shows no decrease after 1997, when looking at one-year values. 

When looking at four-year values, however, there is a significant decrease after 1997 for zinc, which 

is not evident when looking at the one-year values. There are still occurrences of corrosion values 

above acceptable levels at some places in Europe. 

For soiling, there is no decreasing trend after 1997 and consequently larger areas in Europe are 

above acceptable levels, therefore the focus of future development of the programme is on exposure 

of new soiling materials, for example coil coated materials and stone materials. The main pollutant 

responsible for soiling of materials is particulate matter. 

In the following, more details are given. 

The average SO2 concentrations at the industrial (I) sites was significantly higher than those at urban 

(U) and rural (R) sites, while the average of NO2 concentration has changed slightly (35%) since 1987. 

The trends for the average concentration of O3 were slightly positive, and more evident from 1987 to 

2000 as compared to 2000 to 2014.  
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Figure 1: Average SO2 (top), NO2 (bottom left) and O3 (bottom right) concentration in µg/m3 at industrial, 

urban and rural sites for individual years during 1987–2018 

 

The sudden increase of SO2, NO2 and O3 at the urban sites in 1995 is not corresponding to a real 

change but a result of different selection of test sites before and after 1995. 

Measurements of HNO3 and PM10 were started in 2002. PM10 is not a mandatory parameter. The 

data of HNO3 and PM10 are presented for individual sites for two periods: 2002-2005 and 2011-2014. 

It is not possible to draw any general conclusions for the trends of these two air pollutants. 

 

  

 

Figure 2: HNO3 (left) and PM10 (right) concentrations in µg/m3 at individual sites, based on averages for the 

two selected periods of 2002–2005 and 2011–2014 
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Figure 3: (Top) Trend of corrosion loss of carbon steel exposed to rural, urban and industrial sites with 

average values during 1987-2018, (bottom left) trend of carbon steel corrosion loss and SO2 reduction during 

1987-2018, (bottom right) correlation between carbon steel corrosion loss and SO2 concentration during 

1987-2018. Note that the conversion of the unit of corrosion loss from g/m2 to µm is done by dividing with 

the density of carbon steel (7.85 g/cm3). 

 

Corrosion loss of carbon steel decreased rapidly in the beginning of the exposure program (1987), 

particularly at industrial test sites. This reduction in corrosion loss relate mainly to decreased levels 

of SO2 concentration. The correlation between carbon steel corrosion loss and individual 

environmental parameters shows a direct relationship only between corrosion loss and the SO2 

concentration. There was a clear relationship between the one- and four-year corrosion loss of 

carbon steel (1:2). 

Weathering steel was exposed in 1987 and 2011 at most test sites. From 2011, the annual average 

corrosion rate decreased approximately 50-60% for four-yearly and around 70-80% for eight-yearly 

exposed samples, except in the less aggressive atmospheres at Madrid and Toledo, where the 

reduction was slightly lower. Comparison of the four-yearly results, from 1987 to 1990 and from 

2011 to 2014, showed a significant decrease of mass loss of weathering steel. Similar to carbon steel, 

the main reason of this corrosion decrease was the general decrease in SO2 concentration. 
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Figure 4: Corrosion rates of weathering steel in g/m2⸱ y after 1, 4 and 8 years of exposure (left) and 

corrosion rate of weathering steel in g/m2 after four-year exposure during 1987-1990 and 2011-2014 

 

Corrosion loss of zinc decreased rapidly in the beginning of the exposure program (in 1987) and 

stabilized to nearly constant values over later years although the SO2 concentration decreased 

constantly during the last decades. This suggests that not only SO2 is responsible for the corrosion 

loss of zinc, but other factors may influence corrosion as well (for example humidity, rain, days with 

rain, and other unknown factors). There is a systematic difference in one- and four-year corrosion 

loss for the different periods. 

It is evident that the corrosion loss of carbon steel to a higher extent depends directly on SO2 as 

opposed to the corrosion loss of zinc, and therefore carbon steel is a better indicator of the SO2 air 

pollution level. 
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Figure 5: Trend in decreasing of yearly corrosion loss of zinc at all test sites during 1987 to 2018. Note that 

the conversion of the unit of corrosion loss from g/m2 to µm is done by dividing with density of zinc (7.13 

g/cm3). 

 

One-year corrosion of copper, in general, decreased over the exposure years, particularly from 1987 

to 1997, regardless the characteristic of the sites. From 1997, the trend of copper corrosion is more 

site dependent. Some sites exhibited a decreasing trend (e.g. Milan, Birkenes, Stockholm and 

Aspvreten), while some sites showed scattered values from year to year (e.g. Bottrop, Madrid, 

Toledo). Similar to zinc, several parameters, not only SO2, affects the corrosion of copper. The 

relationship between one- and four-year corrosion loss was approximately 1:3. 
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Figure 6: One-year mass loss of copper from all active test sites during 1987-2017 

 

The surface recession of limestone at industrial and urban sites exhibited a sharp decrease from 1987 

to 1997 and there was no evident decreasing trend after that. The data were fairly scattered at rural 

sites. There was a strong correlation between SO2 concentrations and surface recession in 1987. By 

1997, this relationship was much weakened and by 2017 non-existent. More data is recommended 

to understand the effect of PM10 on the surface recession. 

 

  

 

Figure 7: Surface recession of Portland Limestone and SO2 concentration, after one-year exposures in 1987 

and 1997 (left) and in 2014 and 2017 (right) 

 

 



8 

 

 

 

Figure 8: Comparison of haze (%) of modern glass for different exposure periods 

 

 

Soiling of modern glass expressed as haze (%) has shown no evident trend since the exposure in 

2005. There was no decrease in the trend of the soiling after 1997 and, consequently, soiling of 

materials for larger areas in Europe are still above acceptable levels. New soiling materials, stone and 

coil coated steel, are therefore the focus for the future development of the program. The expected 

outcome is a relationship between the soiling and the main responsible parameter, which is assumed 

to be properties of particulate matter. 

 

Projected trend 

It should be possible to make analyses based on existing dose-response functions using pollution and 

climate data for different scenarios. However, this information is not available at the present and is 

needed to be collected for all ICPs together based on pending decisions from the working group on 

strategies and review and the executive body.  

In anticipation of this data set common for all ICPs we present data from a case study which was 

performed on five historic and cultural monuments in Italy to evaluate the effects on materials 

deriving from the reduction of emissions required by the new National Emission Ceiling Directive 

(NECD) using the air quality projections obtained with the Italian national model AMS-MINNI for the 

scenario years 2020 and 2030 and existing dose-response functions. Two different emission 

scenarios were considered: a scenario including all the measures planned by the current national 

legislation (with measures, WM) and a scenario with additional measures (WAM) to achieve the 2030 

objectives. The expected reduction of the concentrations of atmospheric pollutants in Italy by 2030 

could lead to a decrease in the limestone surface recession and an improvement regarding the 

soiling of non-transparent (limestone) and transparent (glass) surfaces, with lengthening of the times 

between two cleaning operations. Overall, no significant improvement can be expected in the 

corrosion rate of copper. 
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Figure 9: Predicted surface recession of Portland limestone (top left), corrosion rate of copper (top right), 

times between two cleaning operations for the soiling of limestone (bottom left) and for the soiling of glass 

(bottom right) for five cultural objects in Italy. The estimates were made in the baseline scenario (2015) and 

for future scenarios (2020 and 2030). Future scenarios considered all the measures planned by the current 

national legislation (with measures, WM) and additional measures (WAM) to achieve the 2030 objectives. 

 

The data is not conclusive, since it is from a limited study, but shows that the methodology of using 

dose-response functions and scenario data is applicable and can be used when more data is 

available. 
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ICP Waters 
 
Question 2.2.c. What is the annual change (or change every 5 years) in water, soil and 
ecosystem quality indicators between 1990 and 2018/2019? What are projected 
changes up to 2030 and beyond? 
 
 

Chemical recovery  

The annual change in chemical quality indicators across most of the European and North American 

regions covered by ICP Waters, is summarized in the table below. More detail on regional 

differences, changes over time as well as confounding factors can be found in Garmo et al. 2020. 

Trends and patterns in surface water chemistry in Europe and North America between 1990 and 

2016, with particular focus on changes in land use as a confounding factor for recovery (ICP Waters 

report 142/2020). 

 

Parameter Regional trend slope (µEq/L/y) 1990-2016 

Sulphate -1 to -4 (decline) 

Nitrate -0.05 to -0.5 (decline) 

Base cations -0.5 to -2.3 (decline) 

ANC +0.7 to +4 (sign of recovery) 

H+ 0 to -0.04 (increase in pH, recovery) 

DOC +0.02-0.07 (mg/L) 

 

 

Biological change 

Possible impacts of acid deposition on biodiversity of aquatic macro-invertebrates (insects, snails etc) 

from the Czech Republic, Germany, Latvia, Norway, Sweden and the UK were investigated in Velle et 

al. (2016). Increases in species diversity were found at 90% of the lake sites and 95% of the river 

sites, and with significant trends in 30% and 21% of the sites, respectively. Most sites show a strong 

correlation between increasing diversity and a reduction in acidifying components. The pronounced 

increase in diversity at sites with the most pronounced chemical recovery and the strong correlation 

between sulphate and/ or ANC and diversity suggest that a reduction in acidifying components of the 

water has had a strong influence on species diversity of aquatic invertebrates. Most likely, sulphate 

and ANC have little effect on aquatic invertebrates, whereas pH and inorganic aluminium are the 

biological drivers. Year-to-year variation in temperature was negatively correlated with diversity, 

suggesting that temperature has a secondary influence on diversity since the diversity is increasing, 

despite the negative correlation with temperature. Still, the effects from temperature suggest that 

these communities will be sensitive to long-term climate change. The strong correlation between 

acid components of the water and species diversity suggests that biodiversity will continue to 

increase when acid deposition decreases. The widespread response of aquatic diversity resulting 
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from emission reductions of acidifying components to the atmosphere demonstrates the potential of 

international policy for achieving positive effects on the state of the environment. 

ICP Waters plans to publish a new report in 2022 on biological recovery. This will provide more 

updated information on this question. NFCs have been requested to deliver national chapters on 

biological recovery in 2021. There has also been a data call on aquatic invertebrate data, and the 

database will be updated. Analyses will be started in 2021, and it may be possible to include new 

results in the final feedback round in spring/summer 2022.  

 

Projected changes? 

This requires an approach using a steady-state model, which was used in the ICP Waters trend report 

in 2014 (Garmo et. al., 2015), but changes were only projected for 2020. The projections can be 

extended to 2030, but this requires new projections for deposition from EMEP. Projections will be 

done once received the deposition data for the scenarios of interest (expected by autumn 2021). 

  

 

Question 2.7. Is the monitoring and modelling system of the Convention sufficient to 

observe, assess and project air pollution and its effects related to the Gothenburg 

Protocol in the ECE region? If no, what are the main challenges and what is needed to 

meet them?  

This question has been addressed by those ICP/TF with monitoring and modelling activities. Martin 

Forsius (ICP-IM) has coordinated and integrated the contributions from the ICPs/TF. Since this point 

is a strategic point for the Convention, it was suggested to prepare a more extensive report (for 2022) 

with a comprehensive analysis of the monitoring and modelling system both for air and for effects. 

 

 

Water chemical monitoring of surface waters for air pollution responses under the Convention in the 
ECE region is well-developed. However, some countries do not submit data despite a high likelihood 
of presence of sensitive water bodies that are affected by air pollution (Austnes et al. 2018). In some 
countries the monitoring is under threat from reductions in funding. The planned monitoring under 
NECD (National Emission Ceilings Directive) can help to sustain water chemical monitoring but 
monitoring of biological recovery is in many countries not very well supported, and it has not been 
defined as a priority under the NECD. Biological monitoring should preferably be done at the same 
sites as where water chemical monitoring is done. Climate change might lead to more variation in 
surface water chemistry, and it is important to maintain sufficient sampling frequency.  

In many European countries, surface water monitoring networks deliver data to support several 
policy instruments, such as the LRTAP Convention, the NEC Directive and the WFD (Water 
Framework Directive). In some countries, the NECD monitoring network is more extensive than the 
national monitoring network delivering data to ICP Waters, while in other countries, the networks 
are largely identical. Under the WFD, the suggested minimum lake size is 0.5 km2, which is larger 
than that of many headwater lakes reported to ICP Waters. Small headwater lakes and streams that 
are not confounded by local pressures, such as agriculture or point source pollution, are pivotal for 
the assessment of regional scale pressures (air pollution, climate change) such as under the LTRAP 
Convention and the NEC Directive. Such lakes are typically not well represented in monitoring under 
the WFD. Air pollution is defined under the WFD as being a threat to ecological status of surface 



12 

 

waters, but there are ambiguities in definitions and the reporting system under WFD which make 
national reports on the importance of this pressure uncertain (Austnes et al. 2018). The monitoring 
of surface waters under the Convention, by contrast, is tailored to assess air pollution effects on 
surface waters.  

The integration between surface water monitoring and both critical loads (steady-state) and dynamic 
modelling has a long tradition under the Working Group on Effects, especially through collaboration 
with ICP Modelling and Mapping and the subcenters Coordination Centre of Modelling of Effects 
(CCE) and Centre for Dynamic Modelling (CDM). Assessment of present and future exceedances of 
critical loads, as well as dynamic modelling of acidification status or target loads using ICP Waters 
monitoring to calibrate and validate models, are good examples of collaboration of different bodies 
under the Working Group on Effects.   

The main challenges for monitoring of air pollution effects on surface waters are thus i) funding to 
maintain monitoring of small headwater catchments that are not confounded by local pressures, ii) 
limited monitoring of biological effects of air pollution.  

 

 

 

2.8. What are the expected impacts of new scientific findings on environmental and 
health effects assessments?  
 

ICP Waters has as its main topic in 2020 and 2021 the effect of N deposition on reactive N in surface 
waters and on surface water biology. During the Task Force meeting, additional topics were 
discussed, including interactions of climate, land cover and N deposition on surface waters, legacy 
effects of past acidification on base cation concentration and alkalinity (through depletion of soil 
base cation stores), and harmonization of national classification systems.  

 

 

Effects of nitrogen on surface water chemistry and biology. 

Surface waters in catchments that receive high N deposition have a higher risk for elevated inorganic 
nitrogen concentrations, but this risk is mediated by catchment properties such as vegetation cover 
or lack thereof, which is found in a dataset of water chemistry, catchment characteristics, climate 
and deposition from North America and Europe (Austnes et al., in preparation, to be published in 
2021).  

Effects of enhanced N deposition on surface water productivity is supported by an analysis of a 
Nordic dataset of remote lakes in undisturbed catchments. The dataset (Figure 1, below (Thrane et 
al., in preparation)) includes water chemistry and data on algal biomass and chlorophyll-a, in addition 
to N deposition, catchment characteristics and climate data. The analysis documents a positive 
relationship between algal productivity, expressed as the ratio of Chlorophyll-a to the concentration 
of total phosphorous, and N deposition, for lakes grouped into 19 regions in the Nordic countries 
(Figure 4, below, Thrane et al., in preparation, to be published in 2021).  
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Figure 1: Overview of the 319 natural lakes with predicted N-deposition (kg N/km2/year) from a GAM added 
as isolines. The lakes were divided into 18 regions marked with different colors. Choice of regions was based 
on N-deposition and large-scale geographical position (Thrane et al. in preparation, to be published in 2021).  

 

 

Figure 2: The relationship between median values of chlorophyll a per unit phosphorus (chl a : TP) and 
median values of N-deposition for lakes in 18 regions in Norway, Sweden and Finland. Grey lines show 
median ± one standard deviation for chl a : TP (vertical lines) and N-deposition (horizontal lines) within each 
region (Thrane et al. in preparation to be published in 2021).  
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Land use and land cover change related to climate can significantly impact surface water 
chemistry.  

Land use change, most specifically forest management, can impact ecosystem critical loads for 
acidification, recovery of acid-sensitive surface waters and browning of surface waters. Base cation 
stores in soils have been depleted after decades of enhanced leaching of base cations, mobilized by 
acid deposition, which could become critical for tree growth. Harvesting of forest, which may 
intensify under the green shift, will also lead to increased export of base cations from the 
ecosystems. It is presently unclear to what extent trees are able to compensate for soil base cation 
depletion from upper soil layers by mining for base cations from deeper soil layers (Kritzberg et al., 
2019; Akselsson and Belyazid, 2018; Bel et al. 2020; Rosenstock et al. 2019). Forest management and 
type of forest harvesting practice may also lead to significant, but transient, re-acidification of 
surface waters in acid-sensitive regions (Valinia et al. 2020). 

 

National classification systems for acidification 

Differences between national classification systems for surface water acidification may limit robust 
comparisons of surface water acidification status between countries. The physico-chemical definition 
of the important threshold between good and moderate (i.e. acceptable/non-acceptable) state of 
water body acidification differs between Norway, Sweden and Finland, which does not reflect actual 
environmental conditions. A Nordic dataset on chemistry and biology has been used to propose an 
ANC-based system that can be used to harmonize classification systems (Fölster et al 2021). Such 
harmonization will improve the comparability of assessments of ecosystem recovery across national 
boundaries.  
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ICP Integrated Monitoring 
ICP Integrated Monitoring (ICP IM) has prepared answers to the questions of relevance for the 

programme. Bullet points are intended to be summary statements that capture the most important 

points of each answer. The text and citations that follow the bullets are intended to provide further 

details and references. 

 

 

Question 2.2.b. What is the change in exceedance of critical loads for acidification and 

eutrophication between 1990 and 2018/2019 in terms of percentage ecosystems with 

exceedances and accumulated excess, based on current critical loads. What are 

projected changes?  

ICP IM has calculated site-specific exceedances of critical loads (CLs) for acidification and 

eutrophication and evaluated the link between time-series of CL exceedances and measured site 

data, using long-term measurements (1990–2017) for bulk deposition, throughfall and runoff water 

chemistry (Forsius et al. 2021). Key messages: 

 The temporal developments of the exceedances of the CLs indicated the more effective 
reductions of S deposition compared to N at the sites. 

 There was a relation between calculated exceedance of the CLs and measured runoff water 
concentrations and fluxes, and most sites with earlier higher CL exceedances showed larger 
decreases in both total inorganic nitrogen (TIN) and H+ concentrations and fluxes.  

 Sites with higher cumulative exceedance of eutrophication CLs (averaged over 3 and 30 
years) generally showed higher TIN concentrations in runoff. 

 The results confirm that emission abatement actions are having their intended effects on CL 
exceedances and ecosystem impacts. 

 The results also provided evidence on the link between CL exceedances and empirical 
impacts, increasing confidence in the methodology used for the European-scale CL 
calculations.  

 

Technical details: 

The critical load (CL) methodology has been a key science-based tool for assessing the environmental 

consequences of air pollution. Critical loads are deposition thresholds used to describe the sensitivity 

of ecosystems to atmospheric deposition. Critical loads for eutrophication and acidification were 

computed using a long-term dataset of intensively studied forested ecosystem ICP Integrated 

Monitoring sites (n = 17) in northern and central Europe (Forsius et al. 2021). The sites belong to the 

ICP Integrated Monitoring and eLTER networks. The link between the site-specific calculations and 

time-series of CL exceedances and measured site data was evaluated using long-term measurements 

(1990–2017) for bulk deposition, throughfall and runoff water chemistry. Novel techniques for 

presenting exceedances of CLs and their temporal development were also developed (Figures 1 and 

2).  
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Figure 1: Exceedance of eutrophication critical loads (CLeutN) over time at the 17 ICP IM sites using the total N 

deposition measurements at the sites (from Forsius et al. 2021). 

 

 

 

 

Figure 2: Response trajectories of [ANC] for ICP IM sites CZ02 Lysina and DE01 Forellenbach to the 

exceedance of the acidity critical load (Exaci) (from Forsius et al. 2021). The different sensitivity of the sites to 

deposition inputs is illustrated. Site CZ02 Lysina barely moves across borders of non-exceedance of the 

critical load and the subsequent non-violation of the chemical criterion (ANClimit = 20 μeq L–1). The less 

sensitive site DE01 Forellenbach has never had any exceedance of acidity critical loads or violation of the 

chemical criterion. 
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Concentrations and fluxes of sulphate, total inorganic nitrogen (TIN) and acidity in deposition 

substantially decreased at the sites. Decreases in sulphur (S) deposition resulted in statistically 

significant decreased concentrations and fluxes of sulphate in runoff and decreasing trends of TIN in 

runoff were more common than increasing trends. The temporal developments of the exceedance of 

the CLs indicated the more effective reductions of S deposition compared to nitrogen (N) at the sites. 

There was a relation between calculated exceedance of the CLs and measured runoff water 

concentrations and fluxes, and most sites with higher CL exceedances showed larger decreases in 

both TIN and H+ concentrations and fluxes (Figure 3). Sites with higher cumulative exceedance of 

eutrophication CLs (averaged over 3 and 30 years) generally showed higher TIN concentrations in 

runoff. The results provided evidence on the link between CL exceedances and empirical impacts, 

increasing confidence in the methodology used for the European-scale CL calculations. The results 

also confirm that emission abatement actions are having their intended effects on CL exceedances 

and ecosystem impacts. 

 

 

Figure 3: Relations between CL exceedances (Exeut, Exaci) and runoff water quality (total inorganic nitrogen 

(TIN) and H+) at the ICP IM sites (from Forsius et al. 2021). The arrows represent the change from the period 

2000–2002 (yellow circle) to the period 2015–2017 (black arrow head). 
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Question 2.2.c. What is the annual change (or change every 5 years) in water, soil and 

ecosystem quality indicators between 1990 and 2018/2019? What are projected 

changes up to 2030 and beyond? 
 

Key messages based on statistical trend assessments (Vuorenmaa et al. 2018; 2020, Forsius et al. 

2021): 

 Results of the ICP IM monitoring network confirm the positive effects of the continuing 
emission reductions.  

 ICP IM sites showed dominantly negative trend slopes of total inorganic nitrogen (TIN) in 
concentrations (95% of the sites; mean slope -1.08 μeq L−1 yr−1) and fluxes (91% of sites, 
mean slope -0.84 meq m−2 yr−1) of bulk/wet deposition between years 1990 and 2017. 

 Concentrations of TIN in runoff water for years 1990-2017 exhibited dominantly downward 
trend slopes (76% of sites, mean slope -0.48 μeq L−1 yr−1), and for fluxes 69% of the sites 
(mean slope -0.21 meq m−2 yr−1), respectively.  

 Decrease of NO3 and NH4 in concentrations was significant at 59% (-0.36 μeq L−1 yr−1) and 
36% (-0.05 μeq L−1 yr−1) of the sites, but the decrease in fluxes was significant only at 25% (-
0.18 meq m−2 yr−1) and 31% (-0.04 meq m−2 yr−1) of the sites, respectively. 

 Decreasing trends for S and N deposition reduction responses in runoff water chemistry 
tended to be more gradual since the early 2000s. 

 

Key messages based on dynamic modelling (Dirnböck et al. 2018): 

 Dynamic models are needed in order to assess the times scale of impacts and recovery from 
changes in air pollutant emissions. Interaction with changes in climate variables is also of key 
importance. 

 Decreases in N deposition under the current legislation emission scenario (CLE) will most 
likely be insufficient to allow recovery from eutrophication. 

 Model predictions indicated that oligophilic (favouring nutrient-poor conditions) forest 
understory plant species will further decrease. This result is partially due to confounding 
processes related to climate effects and to major decreases in S deposition and consequent 
recovery from soil acidification.  

 Emission reductions of oxidized and reduced N compounds need to be considerably greater 
to allow recovery from the impacts of chronically high N deposition.  

 

 

Technical details: 

Statistical trend evaluations: 

Results of the ICP IM monitoring network confirm the positive effects of the continuing emission 

reductions (Vuorenmaa et al. 2018; 2020, Forsius et al. 2021). ICP IM sites showed dominantly 

negative trend slopes of total inorganic nitrogen (TIN) in concentrations (95% of the sites; mean 

slope -1.08 μeq L−1 yr−1) and fluxes (91% of sites, mean slope -0.84 meq m−2 yr−1) of bulk/wet 

deposition between years 1990 and 2017, respectively; Vuorenmaa et al. 2020, Forsius et al. 2021). 

Decrease of nitrate (NO3) in concentrations was significant at 91% of the sites (mean slope -0.52 μeq 

L−1 yr−1) and of ammonium (NH4) at 77% of the sites (mean slope -0.51 μeq L−1 yr−1); in fluxes 64% (-

0.43 meq m−2 yr−1) and 59% (-0.41 meq m−2 yr−1) of the sites, respectively. Long-term trends in 

precipitation amounts in 1990–2017 showed dominantly increasing trend slopes (68% of the sites), 
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but trends were rarely significant. The short and long-term variations in precipitation may mask long-

term trends caused by N deposition. TIN concentrations in throughfall deposition showed also 

predominantly decreasing trend slopes (81% of the sites) and decrease in NO3 and NH4 

concentrations was significant at 62% and 54% of the sites, respectively. Deposition of TIN in 

throughfall decreased at 81% of the sites, and the decrease in NO3 and NH4 fluxes was significant at 

69% and 46% of the sites, respectively. Only a few sites showed significant increases in inorganic 

nitrogen concentrations and fluxes in throughfall (Figure 4a, b).  

ICP IM catchments have increasingly responded to the decreases in the deposition of N in Europe 

(Vuorenmaa et al. 2020, Forsius et al. 2021). Concentrations of TIN in runoff water for years 1990-

2017 exhibited dominantly downward trend slopes (76% of sites, mean slope -0.48 μeq L−1 yr−1), and 

for fluxes 69% of the sites (mean slope -0.21 meq m−2 yr−1), respectively. Decrease of NO3 and NH4 in 

concentrations was significant at 59% (-0.36 μeq L−1 yr−1) and 36% (-0.05 μeq L−1 yr−1) of the sites, and 

but the decrease in fluxes was significant only at 25% (-0.18 meq m−2 yr−1) and 31% (-0.04 meq m−2 

yr−1) of the sites, respectively. Decreasing trends for S and N deposition reduction responses in runoff 

water chemistry tended to be more gradual since the early 2000s. A significant negative correlation 

was found between the annual change of TIN concentrations and fluxes in runoff, and mean TIN 

fluxes in throughfall, total N concentrations and N/P-ratios in foliage and litterfall, and total N 

concentrations and fluxes in soil water. The results also showed that the most N-affected sites with 

the highest N deposition to the forest floor and highest N concentrations in foliage, litterfall, runoff 

water and soil water, showed the most pronounced decreases of TIN in runoff (Figure 4 c). 

 

Dynamic model results: 

European databases and maps of critical loads have been instrumental in the negotiation of effect-

based Protocols to the LRTAP Convention. However, because the critical load concept is based on a 

steady-state approach, dynamic models are needed in order to assess the timescale of impacts and 

recovery from changes in air pollutant depositions. Interaction with changes in climate variables is 

also of key importance. Current climate warming is expected to continue in the coming decades and 

the current high levels of nitrogen (N) deposition may stabilise, in contrast to the clear decrease in 

sulphur (S) deposition. The timescale over which these improvements will affect ecosystems is, 

however, uncertain. These pressures have distinctive regional patterns and their impact on 

ecosystem conditions is also modified by local site characteristics. Atmospheric N pollution is 

considered responsible for a substantial decline in plant species richness and for altered community 

structures in terrestrial habitats worldwide. Nitrogen affects habitats through direct toxicity, soil 

acidification, and in particular by favouring fast-growing nitrophilic species. 
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(a) 

 

(b) 

 

(c) 

 

Figure 4: Percentage of ICP IM sites with a significant decreasing (green), insignificant decreasing (light 

green), significant increasing (dark orange) and insignificant increasing (light orange) trend in concentrations 

(denoted as c) and fluxes (denoted as f) for bulk deposition (a), throughfall (b) and runoff (c) in 1990–2017 

(from Vuorenmaa et al. 2020). 
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Twenty-three European forest sites belonging to the ICP IM, ICP Forests and eLTER networks with 

high quality long-term data on deposition, climate, soil chemistry, and understory vegetation were 

used to assess benefits of currently legislated N deposition reductions on forest understory 

vegetation (Dirnböck et al. 2018). A dynamic soil model coupled to a statistical plant species niche 

model was applied with site-based climate and deposition. Indicators of N deposition and climate 

warming effects such as the change in the occurrence of oligophilic (favouring nutrient-poor 

conditions), acidophilic (favouring acidic conditions), and cold-tolerant plant species were used to 

compare the present with projections for 2030 and 2050. The decrease in N deposition under current 

legislation emission (CLE) reduction targets until 2030 was not expected to result in a release from 

eutrophication. Albeit the model predictions showed considerable uncertainty when compared with 

observations, they indicated that oligophilic forest understory plant species will further decrease 

(Figure 5). This result is partially due to confounding processes related to climate effects and to 

major decreases in sulphur deposition and consequent recovery from soil acidification but shows 

that decreases in N deposition under CLE will most likely be insufficient to allow recovery from 

eutrophication.  

 

 

 

Figure 5: Effects of current legislation deposition (CLE) on trends in oligophilic (N < 5), acidophilic species  (R < 

5), and cold tolerant (T < 5) plant species until 2030. Effects were calculated as ΔlnRR = lnRRCLE−lnRRB10 

deposition scenarios (both with RCP 8.5 climate scenario), where RR = response ratios of each species 

belonging to the group. Significant differences from zero are indicated with * (p < 0.1), ** (p < 0.05), *** (p < 

0.001). The boxplots show the median, the first and third quartile, and the total range of values. BDW: 

broadleaved deciduous woodland, CW: coniferous woodland, MDCW: mixed deciduous and coniferous 

woodland (from Dirnböck et al. 2018). 

 

The results also showed that oxidized and reduced N emission reductions need to be considerably 

greater to allow recovery from chronically high N deposition (Dirnböck et al. 2018). Furthermore, the 

results indicated that legislative efforts should focus on limiting N saturation in parts of the world, 

that have so far avoided the extreme amounts of cumulative N deposition that have occurred across 

large areas of Europe. 
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Question 2.7. Is the monitoring and modelling system of the Convention sufficient to 

observe, assess and project air pollution and its effects related to the Gothenburg 

Protocol in the ECE region? If no, what are the main challenges and what is needed to 

meet them? 

Grennfelt et al. (2020) have summarised key factors leading to successful emission reduction 

agreements under the Air Convention and identified needs for further developments. Key messages 

were: 

 Widespread scientific research, long-term monitoring, and integrated assessment modelling 
formed the basis for the policy agreements. 

 Bridging concepts developed, such as critical loads and integrated assessment modelling, 
formed links between science and policy, and were essential for the understanding and 
scientific legitimacy of the policy measures (Figure 6). 

 The close involvement of scientists has been a signature of the Air Convention. 

 Ecosystem effects, which were the main reason for the establishment of the Convention, are 
to some extent reduced, but the acidification effects of historical emissions will remain for 
decades and the emissions of ammonia have so far only been reduced by 20–30% in Europe 
and even less in North America. Looking at health effects, it is difficult to talk about success, 
when hundreds of thousands of inhabitants on both continents are predicted to meet an 
earlier death due to air pollution. 

 Air pollution problems are increasingly linked to intercontinental and hemispheric scales. 

 The research communities within air pollution and climate change need to work more closely 
together. 

 Basic questions still need further investigations to develop the best policies. Such areas 
include a better understanding of health effects from air pollution, nitrogen effects to 
ecosystems, and air pollution interactions with climate through carbon storage in ecosystems 
and impacts on radiation balances. 

 Integration of atmospheric chemistry into the climate models formulated as Earth system 
models, coupling the atmosphere, ocean, the land surface, cryosphere, biogeochemical 
cycles, and human activities together has allowed studying air pollution and climate change 
simultaneously. The modelling approach can be further developed when observations are 
designed to map Earth system component boundaries to understand and quantify the flows 
and interactions between different compartments, including terrestrial and aquatic 
ecosystems. Air pollution should be an integrated part of such models. 

 The perspective of international cooperation on air pollution is changing. Policy development 
is no longer limited to long-range transport in line with that developed under the Air 
Convention. The ranking of air pollution as a top ten cause of premature deaths in the world 
has given high priority to the issue within fora such as the WHO and UN Environment. 

 The UN has put forward a very strong agenda in order to reach the Sustainable Development 
Goals (SDGs), and air pollution is an integral part of several of the SDGs. 

 In this context, there is a need for developing long-lasting infrastructures that can 
continuously develop science-based control policy options, potentially as part of a wider 
network of global observatories for comprehensive monitoring of interactions between the 
planet’s surface and atmosphere (Kulmala 2018). 

 

 



24 

 

 

Figure 6: The scientific support to regional air pollution policies consists today of a series of steps. The policy 

side may often only see the integrated assessment step and not realise that the legitimacy of the use of 

scientific support builds on an advanced system of underlying research and development (from Grennfelt et 

al. 2020). 

 

Other key messages (Weldon 2018, internal ICP IM discussions): 

 A combination of long-term monitoring and research is needed to document and understand 
complex interactions of air pollutants, climate change and other disturbances. 

 Disturbance interactions can have unpredictable and surprising consequences which are yet 
insufficiently studied.  

 There is a need to extend the current ecosystem monitoring system to include more sites 
representing other sensitive habitats such as heathlands, grasslands and wetlands. The “IM 
light” initiative of ICP IM is an important process in this respect. 

 Increased cooperation with developing research infrastructures under the EU, such as eLTER, 
ICOS and ACTRIS would provide possibilities to extend the site networks and increase 
scientific competence. 

 Coordination with ecosystem monitoring efforts of the EU National Emission Ceilings 
Directive (NEC) would provide similar benefits. 

 

 

 

Technical details: 

An extensive literature review of ICP IM (Weldon 2018) concluded that a combination of long-term 

monitoring and research is thus needed to document and understand complex interactions of air 

pollutants, climate change and other disturbances.  Disturbance regimes and associated patterns of 

regeneration and succession are important parts of forest dynamics and can help to foster 

biodiversity and resilience. However, the additional stresses placed on forest ecosystems by diffuse 

anthropogenic impacts act to reduce that resilience. At the same time, the natural disturbance 

regime to which forests are adapted is intensified by anthropogenic factors (e.g. climate warming 

related insect infestations). This combination has the potential to induce regime shifts in forest 
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ecosystems that negatively impact biodiversity and the provision of ecosystem services. Numerous 

experimental studies have shown that N inputs can cause major changes in forest vegetation and 

some recent studies have provided evidence that ongoing N deposition is indeed changing 

understory vegetation and affecting canopy growth. The combined effects of N deposition then, are 

likely to result in lower forest resilience in ecosystems simultaneously facing an increased frequency 

and/or intensity of natural disturbances including storm damage and outbreaks of bark beetles. Such 

disturbance interactions can have unpredictable and surprising consequences which are yet 

insufficiently studied, and sites that have experienced severe combined perturbations may show 

evidence of regime shifts.  

 

 

Question 2.8. What are the expected impacts of new scientific findings on 

environmental and health effects assessments?  

Key messages (Dirnböck et al. 2018, Holmberg et al. 2018, Posch et al. 2019, Weldon and Grandin 

2021): 

 Simulated future soil conditions improved under projected decrease in deposition and 
current climate conditions: higher pH, base saturation and C:N at 21, 16 and 12 of the 26 
simulated sites, respectively.  

 When climate change projections were included, soil pH increased in most cases, while base 
saturation and C:N increased in about half of the cases. Hardly any climate warming 
scenarios led to a decrease in pH. 

 Additional reductions in N emissions are needed to allow recovery of forest understory 
vegetation from eutrophication. 

 Epiphytic lichens which are known to be good indicators of air quality, are of limited 
indicative ability of recovery after large-scale disturbances such as air pollution. 

 The advantage of target loads over critical loads is that one can define the deposition and the 
point in time when the critical limit is no longer violated. 

 The target load calculations suggested that reductions beyond the Gothenburg Protocol are 
required to ensure surface water recovery from acidification by 2050. 

 

 

Technical details: 

Dynamic modelling: 

ICP IM studies have shown that a systems approach is useful in addressing the question of  future 

integrated impacts of climate and air pollution on ecosystem processes and biodiversity responses 

(Dirnböck et al. 2018, Holmberg et al. 2018). A chain of models was applied to a combined dataset 

from ICP IM, ICP Forests and eLTER forested sites (Figure 7). The single-layer soil model VSD+ was 

calibrated at 26 ecosystem study sites throughout Europe using observed conditions, and simulated 

key soil properties: soil solution pH (pH), soil base saturation (BS), and soil organic carbon and 

nitrogen ratio (C:N) under projected N and S deposition and climate change until 2100 (Holmberg et 

al. 2018). Simulated future soil conditions improved under projected decrease in deposition and 

current climate conditions: higher pH, BS and C:N at 21, 16 and 12 of the 26 sites, respectively. When 

climate change projections were included, pH increased in most cases, while BS and C:N increased in 

about half of the cases. Hardly any climate warming scenarios led to decrease in pH. Decreasing BS 
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and C:N however, was found in roughly one third of the cases (Holmberg et al. 2018). Modelling 

results also indicated that decreases in N deposition under the current legislation scenario (CLE) will 

most likely be insufficient to allow recovery of forest understory vegetation from eutrophication. 

Oxidized and reduced N emission reductions would need to be considerably greater to allow 

recovery from chronically high N deposition (Dirnböck et al. 2018).These studies illustrate the value 

of long-term integrated monitoring sites for applying models that can predict soil, vegetation and 

species responses to multiple environmental changes.  

 

 

 

Figure 7: Systems perspective on modelling ecosystem impacts of multiple drivers. Circles 1, 2 and 3 show 

the components that were in the focus in Holmberg et al. (2018): The model chain from MetHyd and GrowUp 

to the dynamic soil model VSD+ simulating soil acidity and nutrient status. Dirnböck et al. (2018) used the 

output of VSD+ for further modelling including vegetation responses (PROPS, circle 4). Box 5 denotes the 

supporting components: monitoring and data management infrastructures by the LTER, UNECE ICP IM and 

ICP Forest networks, and EMEP and EURO-CORDEX-related services for providing data on current and 

projected deposition, and regional climate. The studies of Holmberg et al. (2018) and Dirnböck et al. (2018) 

demonstrate the use of this model chain, providing input to policy assessment (Box 6). 

 

 

The target load concept is an extension of the critical load concept of air pollution inputs to 

ecosystems (Posch et al. 2019). The advantage of target loads over critical loads is that one can 

define the point in time (target year) when the critical (chemical) limit is no longer violated and then 

determine the deposition (the target load) to achieve that (Figure 8). This information on the timing 

of recovery requires dynamic modelling. Target loads on a large regional scale can inform effects-

based emission reduction policies. The assessment of Posch et al. (2019) suggested that reductions 

beyond the Gothenburg Protocol are required to ensure surface water recovery from acidification by 

2050. 
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Figure 8. Target load concept: Generalized past and future development stages (indicated by different colors) 

of acidic deposition and lake chemical criterion response (here: ANC) in comparison to the critical chemical 

value (ANC-limit) and the critical load derived from it (i.e., the determination of critical load is based on a 

critical limit for a specified chemical criterion, which protects the biological indicator from deleterious 

effects). The delay between the (non)exceedance of the critical load and the (non)violation of the critical 

chemical value is indicated in grey shades, highlighting the Damage Delay Time (DDT) and the Recovery 

Delay Time (RDT) of the system. Also shown are the points in time (tref, timp) relevant for defining a target 

load (<critical load) to reach non violation of the chemical value at a pre-specified time ttar. The dashed lines 

show the temporal development for a later target year (labelled in grey) (from Posch et al. 2019). 

 

 

Vegetation studies: 

Many lichen species are sensitive to air pollution and react rapidly, especially to sulphur and 

nitrogen. This sensitivity is augmented by a slow growth rate, growth on substrates often exposed to 

air pollution and an ability to absorb more sulphur dioxide, SO2, at a given concentration than most 

vascular plants. Consequently, many species of lichens were adversely affected by the widespread 

high levels of sulphur deposition. However, over the last decades we have seen a rapid decline in 

sulphur deposition, but less pronounced deposition trends for nitrogen. The response of epiphytic 

lichens to this decline was analysed, using data from long-term ICP Integrated Monitoring sites in 

Sweden (Weldon and Grandin 2021). The analysis comprised 20 years of data to investigate temporal 

trends in lichen communities’ sensitivity to sulphur, nitrogen preference, species richness and alpha 

and beta diversity. Only limited and partial evidence of recovery in areas that previously had high 

levels of deposition was detected, as well as a decline in mean sulphur sensitivity at a northern site 

with low deposition levels throughout the monitoring period. The slow recolonization of sensitive 

species, even where environmental conditions are now suitable, is probably a result of impoverished 

regional species pools and the inherent limited dispersal capacity of many lichen species. Due 
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consideration of these factors in the use of epiphytic lichens as environmental indicators in a period 

of improving air quality is therefore suggested. 
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ICP Forests 
 

Question 2.2.b. What is the change in exceedance of critical loads for acidification and 

eutrophication between 1990 and 2018/2019 in terms of percentage ecosystems with 

exceedances and accumulated excess, based on current critical loads. What are 

projected changes?  
 

Impact of inorganic nitrogen deposition on European Forests 

- Status and trends of inorganic nitrogen deposition to forests in Europe 

Since industrialization, nitrogen deposition has increased tremendously due to fossil fuel combustion 

and the production of reactive nitrogen compounds from the Haber-Bosch process. For decades, this 

has led to high nitrogen depositions (i.e. the sum of nitrate and ammonium deposition) in European 

forests. Despite the successful implementation of mitigation measures, deposition rates of more 

than 20 kg ha-1 y-1 are still observed in some places, as Figure 1 shows (Michel et al., 2020).  

 

 

Figure 1: Throughfall deposition of inorganic nitrogen (NO3--N + NH4+-N) (kg N ha-1 yr-1) measured in 2018 on 

the ICP Forests Level II plots and the Swedish Throughfall Monitoring Network. Coloured dots: validated 

data. Coloured circles: not validated data. Black circles: monitoring period shorter than 330 days 

(Reproduction of Figure 5-5 – page 25 from Michel et al., 2020). 
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Figure 1 also demonstrates that the uneven distribution of emission sources and receptors and the 

complex orography of Europe lead to a pronounced spatial variability of atmospheric nitrogen 

deposition with regional hotspots in inorganic nitrogen deposition emerging. More than 10 kg N ha-1 

y-1 was mainly found in central Europe, including Germany, Belgium, northern Italy, Switzerland, 

Austria, Czechia and Poland. In other areas, for example northern Scandinavia, throughfall deposition 

is often below 5 kg N ha-1 y-1. Due to emission reduction measures, N deposition in Europe has 

decreased significantly since the mid-1990s (Waldner et al., 2014), which is supported by data from 

the ICP Forests network. Within the ICP Forests programme, deposition monitoring is running 

continuously since 1996 in 50 permanent Level II plots. These plots are located in Austria, Denmark, 

France, Germany und United Kingdom. It can be inferred from the data presented in Figure 2 for 

these plots that nitrogen depositions averaged 14.7 kg N ha-1 y-1 from 1996 to 1999 (Michel et al., 

2020). Over the period from 2015 to 2018, deposition rates on these plots decreased to 11.4 Kg N ha-

1 y-1, a decrease of more than 20%. For the sake of completeness, it should be mentioned that 

compared to nitrogen deposition, sea salt-corrected sulphate deposition decreased much more 

strongly in the period under consideration, as Figure 2 illustrates: it reached values that were only 30 

% of the values of the late 1990s (Michel et al., 2020). 

 

 

 

Figure 2: Trend in throughfall inorganic nitrogen (sum of nitrate-nitrogen and ammonium-nitrogen) and sea-

salt corrected sulphate-sulphur deposition measured between 1996 and 2018 in 50 ICP Forests Level II plots 

with continuous measurement data (22 plots in Germany, 13 plots in France, 12 plots in Austria, 2 plots in 

Great Britain, 1 plot in Denmark) (Reproduction of Figure 5-2 – page 22 from Michel et al., 2020). 

 

A larger study included more than 300 Level II plots of the ICP Forests network (Schmitz et al., 2018). 

In this study, spatiotemporal changes in nitrogen deposition across Europe were examined over the 

period 2000 to 2015. As discussed above, inorganic N deposition in the throughfall is still relatively 

high at many ICP Forests sites, exceeding 10 Kg N ha-1 y-1 (Figure 1). Nevertheless, it decreased at 

most sites between 2000 and 2015 as Figure 3 shows.  

The heavily polluted sites (> 15 Kg N ha-1 y-1, mainly located in Central Europe) generally showing a 

larger decrease: At the one-third of sites with the highest N deposition in 2000-2004, a median 

reduction in N deposition of 24% was observed between 2000 and 2015 (Schmitz et al., 2018). In 

comparison, a reduction of 16 % was observed at the third of sites with the lowest N deposition in 

2000-2004. Inorganic nitrogen deposition is the sum of nitrate and ammonium deposition. An 

interesting feature of the ICP Forests nitrogen deposition observations is that on many sites, 
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throughfall deposition of nitrate decreased faster than for ammonium: Nitrate deposition decreased 

by 26 % and ammonium by 18 % between 2000 and 2015 (Schmitz et al., 2018). It is generally 

considered that negative effects of nitrogen deposition on forests become evident when inorganic 

nitrogen deposition is higher than a specific threshold, known as the critical load. The critical load for 

deciduous forests is 10 – 20 Kg N ha-1 y-1 and 5 - 15 kg N ha-1 y-1 for coniferous forests. Although 

measures to reduce N deposition have been successfully implemented across Europe, as Figure 3 

shows, measurements indicate that critical loads are currently exceeded at many forest sites in 

Europe (Figure 1). Such excessive deposition of nitrogen leads to a number of adverse effects in 

forests as discussed below. 

 

 

Figure 3: Relative change in throughfall deposition of inorganic nitrogen at ICP Forests intensive monitoring 

plots between 2000 and 2015 (from Schmitz et al., 2018). Uncertainty is greater for those estimates that are 

not statistically significant (sign = significant) (Reproduction of Figure 2 – page 2 from Schmitz et al., 2018). 

 

- Response of European forest ecosystems to inorganic nitrogen deposition 

Tree growth 

Inorganic nitrogen deposition can stimulate tree growth and increase carbon sequestration but 

changes in nitrogen deposition (NDep) may have divergent effects as discussed by Etzold et al. (2020): 

On N-limited sites additional NDep may be beneficial to growth. On non N-limited sites, additional NDep 

may lead to nutrient imbalances, including phosphorus deficiency, nitrate leaching, acidification and 

loss of base cations, and increased sensitivity to pests or pathogens (De Vries et al., 2014; Jonard et 

al., 2015; Gessler et al., 2017; Krüger et al., 2020). High NDep can therefore potentially also reduce 

forest growth (De Vries et al., 2014). The impact of N deposition and other drivers of forest growth 

was recently investigated by Etzold et al. (2020) based on ICP Forests long-term data. These authors 

carried out a continental-scale analysis of forest volume increment data (ΔVol, m3 ha−1 y−1), obtained 
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from ca. 100,000 coniferous (spruce and pine) and broadleaved trees (oak and beech) in 442 even-

aged, single-species stands across 23 European countries. Etzold’s study demonstrated that NDep 

appeared to be one of the most important and consistent environmental drivers for forest growth at 

the European scale with a generally positive, but in some cases non-linear relationship with ΔVol, 

with a tipping point at 24–34 kg N ha−1 y−1. Moreover, they showed NDep was involved in interactions 

with site quality indicators and had indirect negative effects on ΔVol by altering soil pH and foliar 

nutrient concentrations. Etzold et al. (2020) concluded that, besides the driving forces exerted by 

stand-related factors, N deposition is at least as important as climate to impact tree growth at 

continental scale in Europe, with a potential negative effect at high deposition values. 

 

Nitrogen Saturation 

ICP Forests' long-term measurements across Europe show that there is a long-time lag between 

emission abatement and soil response (Johnson et al., 2018). Over a 10-year period (2000–2010), a 

large decrease (52% decrease at 10–20 cm and 40% at 40–80 cm) in the concentration of sulphate in 

soil solution was observed. In contrast, Nitrate was unchanged at 10–20 cm but decreased at 40–80 

cm. The large decline of sulphate concentrations in soil solution is in line with the large decrease in 

SO2 emissions in Europe (Waldner et al., 2014). Presumably, decreasing concentrations of nitrate in 

soil solution indicate an initial recovery from nitrogen saturation, but as discussed above, critical N 

loads are still being exceeded in many areas of Europe and this is likely to continue for several 

decades (Johnson et al., 2018).  Nitrogen saturation means that the availability of nitrogen exceeds 

the demand of forests; as a result, there is an increased nitrate leaching and enhanced nitrogen 

emissions. Inorganic nitrogen concentrations in the soil solution, nitrate leaching, the nutritional 

status of trees and the ratio of organic carbon to nitrogen in the forest soil are commonly used 

indicators to characterise the state of N saturation (Waldner et al., 2015). In a Europe-wide study 

(244 plots), correlations between the exceedance of critical loads and the exceedance of critical 

limits in the soil solution of the trees were analysed on the basis of a three-year measurement series, 

collected after several decades of high deposition loads (Waldner et al., 2015). The authors found 

that critical loads for inorganic nitrogen deposition were exceeded on about a third to half of the 

investigated plots. Based on their analysis, Waldner et al. (2015) suggest that that one third of plots 

with exceedance of N deposition critical loads show temporary indications and one third permanent 

indications of N saturation.  

Forests play an important role in providing clean, fresh water. Since N depositions are still high 

despite all efforts as shown above, it can be expected that in the future the nitrogen supply will 

significantly exceed the nitrogen demand of forests on more plots. Therefore, it is likely that in these 

areas, as N saturation progresses, surface and groundwater water quality will be increasingly 

impaired. 

 

Nutrient depletion 

Against the background of decades of high N deposition, another Europe-wide study (425 plots) 

analysed the nutritional status of the most important European tree species with the aim of 

identifying growth-limiting nutrients and any changes in tree nutrition during the period from 1992 

to 2009 (Jonard et al., 2015). Jonard et al. (2015) reported that in the deciduous tree species, 

phosphorous (P) was the most important limiting nutrient, while P. abies and P. sylvestris were 

limited not only by P but also by N. To a lesser extent, base cations were also present in a number of 

broadleaf and conifer plots.  Significant temporal trends in foliar nutrition concentrations were 
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observed, 20 out 22 identified trends were decreasing and two were increasing (Jonard et al., 2015). 

The relative change in foliar concentrations for a 10-year period ranges from -11% to 7.5%. According 

to Jonard et al. (2015), some of the observed trends in foliar nutrition are alarming because in these 

cases decreasing foliar concentrations for growth-limiting nutrients were observed. For example, 

decrease in foliar S concentration in P. abies and P. sylvestris, in foliar Mg concentration in F. 

sylvatica, in foliar K concentration in Q. petraea and P. abies and foliar Ca concentration in F. 

sylvatica and Q. petraea. As the nutrient status of trees is closely linked to the net productivity of 

ecosystems, a further progressive decline in nutrient availability could in future affect the resilience 

of forests to climate change impacts. 

In another large-scale study, based on ICP Forests plots, the ratio of leaf N to P was investigated and 

evaluated (Krüger et al., 2020). Figure 4 shows N:P ratios for five European main tree species, three 

broadleaf species: European beech (Fagus sylvatica) and temperate oaks (Quercus robur + Quercus 

petraea) and two coniferous species: Scots pine (Pinus sylvestris) and Norway spruce (Picea abies) – 

from 469 sites in 26 countries across Europe.  

 

 

Figure 4: Mean foliar N:P ratios for the period 2007-2016 assessed against the critical limit for optimal 

nutrition for broadleaf trees (European beech, temperate oaks) and coniferous trees (Scots pine, Norway 

spruce) at ICP Forests Level II intensive monitoring sites across Europe (Reproduction of Figure 1, from 

Krüger et al., 2020). 

 

Leaf N:P ratios in deciduous forests across Europe varied from 10.3 to 34.1 during 2007-2016, with 

an overall average of 20.2. Ratios at more than half of the study sites (56 %) were above the critical 

limit for optimal nutrition. For all sites, this was due to both high leaf N and low leaf P 

concentrations. Foliar N:P ratios were lower in coniferous forests, ranging from 5.3 to 20.9, with an 

overall average of 9.6. Ratios at over 80 % of the study sites were in the optimal nutrient range. The 

few sites with low N:P ratios, indicating limited N availability, are mostly located in northern Europe 
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or in mountainous areas. In contrast, sites with high N:P ratios, indicating low availability of P relative 

to N, occur throughout Europe (Krüger et al., 2020). To assess the availability of N and P on the ICP 

Forests plots, the reference values established by Mellert and Göttlein (2012) were used by Krüger et 

al. (2020). Ratios above the critical limits for adequate to optimal nutrition indicate P limitation or N 

surplus, while values below the critical limits indicate N limitation (Table 1).  

 

Table 1: Critical limits of foliar N:P ratios according to Mellert und Göttlein, 2012. N = nitrogen, P = 

phosphorous 

 Critical foliar N:P ratios 

 Lower limit Upper limit 

Broadleaf species   

European beech  10.0 18.9 

Temperate oaks  9.3 19.6 

Coniferous species   

Scots pine  7.4 14.1 

Norway spruce  6.3 11.7 

 

 

 

Figure 5 illustrates that both leaf N and leaf P concentrations at ICP Forests monitoring sites have 

decreased significantly over the last two decades for both deciduous and coniferous trees (Krüger et 

al., 2020).  
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Figure 5: Trends over time (1996-2016) in foliar N:P ratios for broadleaf trees (European beech, temperate 

oaks) and coniferous trees (Scots pine, Norway spruce) at ICP Forests Level II intensive monitoring sites across 

Europe (Reproduction of Figure 2 -page 3 from Krüger et al., 2020). 

 

The rate of decline of leaf P is more than twice that of leaf N, resulting in a shift towards higher N:P 

ratios. Although some sites show a trend towards lower N:P ratios, the number of sites with N:P ratios 

above the corresponding species-specific thresholds has increased for both deciduous and coniferous 

forests (Figure 5), showing an increasing imbalance in tree nutrition across Europe (Krüger et al., 2020). 

Decreasing nutrient availabilities, as identified by Jonard et al. (2015), and shifts in the relationship 

between leaf N and P contents, as found by Krüger el al. (2020), can be attributed to the interplay of 

various factors: Enhanced atmospheric deposition of nitrogen, atmospheric carbon dioxide 

enrichment, and higher temperatures and longer growing seasons have stimulated tree growth in 

many parts of Europe. Increased tree growth is generally accompanied by increased demand for 

resources, such as nutrients and water. In forests where soils offer limited nutrient supply and where 

nutrients are removed from forest ecosystems through tree harvesting, tree mineral nutrition can 

deteriorate as shown above. The resulting nutrient imbalances could limit tree growth, leading to a 

reduction in the wood supply and carbon sequestration of forests and reducing the resilience of 

forest trees to stress factors such as drought or insect infestation (Krüger el al, 2020). 

 

Shifts in ectomycorrhizal community structure 

Nutrient uptake in most temperate and boreal trees is dominated by ectomycorrhizas, where tree 

fine roots are sheathed by fungal tissue forming diverse and widespread plant–fungal symbioses that 

mediate tree nutrient uptake and C storage in soil (Suz et al, 2021). In the face of increasing 

environmental changes, it is important to better understand what determines the composition 

ectomycorrhiza. Van der Linde et al. (2018) analysed ca. 40,000 ectomycorrhizas from137 ICP Forests 
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plots in 20 European countries. They observed sharp thresholds for change in ectomycorrhiza 

composition with changes in environmental and tree conditions. At the species level, van der Linde 

et al. (2018) detected indicator taxa decreasing (z-) and increasing (z+) with increasing influential 

variables. For nitrogen throughfall deposition, a sum(z−) peak at 5.8 kg N ha−1 y−1 and a sum(z+) peak 

at 15.5 kg N ha−1 y−1 was observed. For the foliar nitrogen to phosphorous ratio, they detected peaks 

at 10.2 and 13.3 for sum(z−) and sum(z+), respectively. These sharp thresholds indicate that taxa 

distribution is a function of N deposition. At lower N deposition rates species-rich ectomycorrhiza 

with medium distance exploration and organic N use is predominate. In contrast, at higher 

deposition rates species-poor ectomycorrhiza with contact exploration and inorganic N use is 

predominate. Moreover, the study of van der Linde et al. (2018) revealed that conifer specialists are 

more negatively affected by increasing nitrogen than generalists and broad-leaf specialists. These 

conifer specialists, thrive on poor soils and pre-industrial nitrogen-level (ca. < 2 kg N ha−1 y−1), but 

cannot keep up with increased NTFD from industrial, agricultural and transport emissions over the 

past decades. Van der Linde et al. suspect that these specialists are probably outcompeted by fungi 

that use the additional inorganic nitrogen or avoid additional nitrogen uptake costs, particularly 

within the temperate distribution ranges of beech and oak where NTFD is greatest, and organic 

nitrogen users show some recovery in fruiting if nitrogen pollution decreases. 

Based on the data collection and analysis of van der Linde et al. (2020), the same group of authors 

applied the tipping point theory to forests, including their belowground component, focusing on 

ectomycorrhiza (EM) fungi (Suz et al., 2021). Large-scale environmental thresholds in EM fungal 

communities linked to N deposition and tree foliar N : P ratios observed by van der Linde et al. (2018) 

indicate a tipping point in forest ecosystems (Suz et al., 2021). Ectomycorrhizal fungal richness and 

evenness decline sharply across large spatial gradients of increasing atmospheric N deposition, with 

major shifts in dominant fungi showing different functional traits (exploration types) linked to 

changes in foliar N:P ratios. These changes in EM fungal species composition correlate with 

differential preference for organic and inorganic N sources, and sensitivity to N deposition as 

discussed above. Suz et al. (2021) conclude that changes in ectomycorrhizas influence the nutritional 

balance of trees and risk leading to a tipping point in EM forests that may affect several ecosystem 

processes directly linked to human wellbeing. 

 

Changes in the composition of ground vegetation 

Excessive nitrogen inputs into European forests over decades affect not only the tree layer but also 

the ground vegetation as shown by the analysis of repeated vegetation assessment on ICP Forests 

plots. For instance, based on the Czech ICP Forests data of 154 plots, the dependence of the 

occurrence and cover of the selected nitrophilous herbaceous nitrogen indicators on the 

concentration of total nitrogen and on the C/N ratio in the humus layer and in the upper mineral soil 

horizon was analysed (Buriánek et al., 2013). In the areas with the presence of selected nitrophilous 

indicator species, statistically significantly higher nitrogen concentrations were found in some soil 

horizons than in those with the absence of these species. High N deposition loads affect composition 

of ground vegetation in European forests. Such changes in ground vegetation can locally alter the 

cycles of energy, water and matter. 
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Question 2.3.b. What are the observed and projected trends in vegetation risk of 

damage due to ozone (using various metrics) 

 
Ozone observed trends 
 
Despite a slight but significant reduction of ozone levels during the vegetative period, large-scale 
studies conducted at the ICP Forests plots revealed that the concentration-based Critical Levels 
(AOT40) have been exceeded on the majority of the investigated sites, especially in East and 
Southern Europe. 
On these sites, foliar injury attributable to ozone has been detected on several species, mostly 
broadleaves. The level of sensitivity to ozone injury in also depends on species and region (for 
example in Greece Sorbus torminalis appear to be more sensitive than Fagus sylvatica). 
 

   
 
Figure 1: Spatial distribution of April–September mean ozone concentrations interpolated from 18,464 
passive samplers on 206 plots in 15 countries for the period 2000-2014 (background colour) and occurrence 
of ozone-induced foliar symptoms on 155 plots in 11 countries for the period 2002-2014 (coloured dots). 
(Reproduction of Figure 1 – page 2 from Schaub et al., 2018) 

 
 
Ozone and foliar visible injury 
 
The most recent literature focuses on the relationship between ozone visible symptoms and 
stomatal flux. 

The typical ozone-induced chlorotic mottles have been observed on P. mugo needles in High Tatra 
Mountains, Slovakia, which frequency result to be associated with O3 uptake (Bicarova et al., 2019). 
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Figure 2: POD0 at different altitudes (A, B, C) and percentage of visible O3 symptoms on needles of different 
age (C+1, C+2) for dwarf mountain pine (Pinus mugo) in the High Tatra Mountains, Slovakia (Reproduction of 
Figure 7 from Bičárová et al., 2019) 

 
 
The occurrence and severity of visible ozone symptoms depends not only on ozone levels but also on 
several other environmental parameters and vegetation characteristics that drive the stomatal 
uptake. This is evidenced by the crucial role that radiation, soil water content and rainfall play in 
ozone symptom expression (Sicard et al., 2020).  
 
 

 
Figure 3: Random Forest Analysis - Relative importance of each environmental variable, averaged year-round 
(annual) and over the growing season (GS), in determining severity of crown defoliation (mean percentage of 
missing tree crown per plot) and visible foliar O3 injury on the dominant tree species in a plot (mean 
percentage of injured light-exposed leaf surface) over the time period 2017–2019. The environmental 
variables are air temperature (Temp), relative humidity (RH), solar radiation (S rad.), rainfall (Rain), soil 
water content (SWC), 24-h ozone concentrations (Ozone). (Reproduction of Figure 2 from Sicard et al., 2020). 
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Visible foliar O3 injury, both in terms of percentage of injured leaf surface on the dominant tree 
species in forest plots, and in terms of percentage of symptomatic plant species along light exposed 
forest edges, result to correlate with the phytotoxic ozone dose (POD1). Based on these evidences, 
flux-based critical levels (for forest plot: 12 mmol m−2 POD1; for light exposed forest site: 11 mmol 
m−2 POD1) have been derived for forest protection against visible foliar O3- like injury (Sicard et al., 
2021).  
 

 

 
Figure 4: Linear flux-response relationship (Spearman correlation) between POD1 within the Light Exposed 
Sampling Site (POD1_LESS) and the percentage of symptomatic plant species within the LESS (VI_LESS) over 
the period 2017–2019 (n = 24), with 95% confidence interval of observed (gray line) and predicted (dot- 
dashed gray line) values. (Reproduction of Figure 4 from Sicard et al., 2021). 

 
 

 

 

Ozone and other forest indicators   

In a study investigating relationship between tree growth and different environnemntal factors 
(including ozone) in 443 plots of the ICP-Forests Level II Network across Europe, POD1 resulted into a 
significant negative effect only when considering a subset of broadleaved sites for which measured 
nitrogen deposition data were available. The lack of consistent evidence for a negative impact of 
POD1 on volume growth may be explained by possible inherent multicollinearity with nitrogen 
deposition and temperature as well as their counteracting (beneficial) effects. These results highlight 
the synergistic / antagonistic roles of environmental factors, such as temperature and nitrogen 
deposition, in affecting plant physiological processes, and point to the fact that other environmental 
factors might more strongly affect growth than O3 at the European level (Etzold et al., 2020).  
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Figure 5: Results of the structural equation models (SEM) to explain forest increment (ΔVol) for conifers (top, 
a, b) and broadleaves (bottom, c, d) and using total Ndep based on EMEP model results. Based on data from 
the first inventory period (1995 to 2000). Significant positive relationships are indicated by black continuous 
arrows, negative relationships by red dashed arrows. Width of the lines is proportional to the significance 
(***p < 0.001, **p < 0.01, *p < 0.05) (and effect size) of standardized model coefficient estimates. 
Coefficients of determination (R2) for explained variables are given below the variable names. (Reproduction 
of Figure 3 from Etzold et al., 2020) 

 

 

In Northern Italy, ozone exposure (up to 27 times the critical level set to protect forests against 

ozone) and uptake (up to 5 times the critical level set to protect Norway spruce against ozone) didn’t 
prove to have any negtive effect on forest productivity. (Ferretti et al., 2018). 

Despite that, in Lithuania, it was found that the most important predictors affecting crown 
defoliation were O3 concentrations, SWC and air temperature averaged over the growing season 
(Aramiene et. al, 2019). 

In a study analysing large scale ozone – defoliation relationship in Romania, ozone concentration and 
AOT40 were the most important predictors of defoliation. The study concluded that even if climate is 
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an important driver in affecting forest health, large impacts of O3 on forest defoliation exists, thus 
being important to control O3 levels to improve forest health and vitality.(de Marco et al., 2017). 

 

Figure 6: Random Forest analysis carried out on crown defoliation from Romanian ICP-Forests level I plots for 
Picea abies, Quercus spp., and Fagus sylvatica. Important predictors were selected in a range of 30% of 
variation with respect to the most important one, i.e. N0.3 relative importance. (Reproduction of Figure 3 
from de Marco et al., 2017) 

 

In conclusion, with a few exceptions, no consistent ozone effect has been detected on growth and 
defoliation at the ICP Forests sites, regardless the ozone metric adopted. We do expect that 
interaction with climate change and biotic agents (pests and disease) may substantially alter the 
above results: this will be however dependent on site-specific condition. 
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ICP Vegetation 
Note: This document contains information from already existing work. ICP Vegetation are waiting for 

the EMEP scenario data to be finalised and distributed, then a more complete response can be given 

(particularly for question 2.3b). This also needs the model to be run for 1990 and 2018/19 (in addition 

to 2030) to ensure internal consistency with the predictions of impacts. Parameterisations, dose-

response relationships and critical levels for ozone are all up to date, meaning that no additional work 

is needed on this part. This question can be answered for crops, trees and semi-natural vegetation. 

The analysis will calculate a) impacts and b) exceedance of critical levels. Although exceedance of 

critical levels based on AOT40 can be calculated, the analysis will focus on critical levels based on 

ozone fluxes (POD, Phytotoxic Ozone Dose) as this reflects the most recent scientific advances and 

knowledge. The analysis will provide a) maps and b) tables of extracted data per country. 

 

Question 2.3.b. What are the observed and projected trends in vegetation risk of 

damage due to ozone (using various metrics) 

 The ozone profile has changed since 1990. The ‘peak’ concentrations have reduced, whereas 

the ‘background’ concentrations have increased. Due to this change in ozone profile, there is 

a large difference in predictions of ozone impacts on crops and ecosystems depending on 

which metrics are used. 

 The preferred metrics to assess and predict impacts of ozone on crops and ecosystems are 

those based on stomatal ozone fluxes, because evidence has shown that impacts of ozone 

are also observed when low to moderate ozone concentrations coincide with meteorological 

conditions favouring ozone uptake, whereas the concentration-based metrics do not reflect 

this. 

 Although there has been a small reduction in the predicted impacts of ozone on crops and 

vegetation, using flux-based metrics, there are still significant impacts of ozone and these are 

predicted to remain to 2030 and beyond. Therefore, an estimate based on current 

knowledge is that the Gothenburg Protocol will not have eliminated the negative impacts of 

ozone on vegetation, even by 2030. 

 Many vegetation species and crops are sensitive to ozone pollution and show detrimental 

effects with increasing ozone exposure. Individual species vary in their sensitivity to ozone, 

and individual cultivars of the same crop can also vary in sensitivity to ozone. 

 For semi-natural vegetation, the differences in sensitivity to ozone combined with impacts 

on reproductive output could cause changes in relative species abundance, and possible 

impacts on biodiversity. Projections show that ozone risks to biodiversity will still occur by 

2050. 

 

A preliminary estimate of the results following the proposed analysis using updated EMEP model 

runs is that this would show a large difference in predictions depending on which metrics are used. 

 Likely there appears to be a large reduction in effect of ozone on all vegetation types if analysis is 

based on AOT40 and a concentration based analysis.  
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 Likely there would be a moderate reduction in effect of ozone on all vegetation types if analysis is 

based on M7 (there are no current critical levels for vegetation based on M7).  

 Likely there would be a small reduction or no change in effect of ozone on all vegetation types 

since 1990 if analysis is based on ozone fluxes (POD). 

These assumptions are supported by some existing analysis based on analysis of data 1990-2010. 

This showed that on average over Europe when using AOT40 as the metric, a substantial decrease in 

ozone exposure and wheat yield losses occurred. However, due to the opposite trends for ozone 

peaks and ozone background, together with trends in other environmental factors, the ozone dose 

did not change significantly and wheat yield losses based on ozone fluxes did not change significantly 

(Colette et al., 2018). 

 

Change in ozone profile and choice of metric to assess vegetation impacts 

The changes between scenarios and differences in the extent of change between the different 

metrics are because the ozone profile has changed since 1990. The ‘peak’ concentrations have 

reduced, whereas the ‘background’ concentrations have increased (Simpson et al., 2014; EMEP, 

2016). Concentration-based metrics using relatively high thresholds, such as AOT40, put greatest 

emphasis on peak concentrations. Scientific evidence has shown that vegetation responds to 

cumulative ozone uptake, reflected in the flux-based (POD) metrics, and that the response is the 

same when this is delivered as an ‘elevated background’ or ‘episodic peak’ profile (Figure 1) 

(Harmens et al., 2018). Evidence has shown that impacts of ozone are also observed when low to 

moderate ozone concentrations coincide with meteorological conditions favouring ozone uptake, 

whereas the concentration-based metrics do not reflect this. This means that ozone impacts on 

vegetation can also be found where the critical level for AOT40 is not exceeded (Figure 2, Mills et al., 

2011). In addition to meteorological conditions, other conditions favouring ozone uptake can occur 

for crops, including some crop management practices.  

There is also evidence that in addition to changes in the ozone concentration profile, there have also 

been changes in the seasonal profile. The 6-month metrics (spring-summer) show more downward 

trends than the 3-month metrics (spring). Some changes may be due to differences in trends in 

ozone within the CLRTAP region compared to elsewhere, and changes in the relative contribution 

from hemispheric transport of ozone precursors. This is supported by an assessment of ozone 

concentration trends in the U.S. (Cooper et al., 2012). 

 

Figure 1: Yield of wheat is predicted by total ozone flux, and this is not dependant on whether the ozone is 

delivered as an episodic regime with peaks (solid symbols), or as a regime based on increasing background 

concentrations (open symbols). Reproduced from Harmens et al., 2018. 
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Figure 2: Risk maps based on the AOT40 metric do not give a good prediction of the location of ozone 

impacts on crops and ecosystems, wheras risk maps based on the POD (ozone flux) metric are better at 

predicting the locations of ozone impacts. The red ellipse indicates a geographical area where this is 

particularly apparent, but this is the case in other regions too. Reproduced from Mills et al., 2011. 

 

Trends in impacts on vegetation using metrics based on observations of ozone concentrations1 

Impacts of ozone on vegetation were assessed based on ozone observations collated for the global 

Tropospheric Ozone Assessment Report (TOAR). Analysis of trends in vegetation impacts over the 

period 1995-2014 during the three-month wheat growing season in Europe showed a significantly 

decreasing trend for 6% of sites based on the M12 metric, 12% of sites based on AOT40 and 6% 

based on W126 (12 hour) (Figure 3, Mills et al., 2018). For perennial vegetation in Europe a 

significantly decreasing trend was found in 28% of sites for AOT40, 32% of sites for W126 (12 hour) 

and 17% of sites for M12 (Figure 4, Mills et al., 2018). 

 

Figure 3: Regional trends in (Left) M12 (wheat, 3-months), 1995–2014, wheat-growing sites, and (Right) 

AOT40 (wheat, 3-months), 1995–2014 wheat-growing sites. Reproduced from Mills et al., 2018, DOI: 

https://doi.org/10.1525/elementa.302.f20. 
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Figure 4: Regional trends in (Left) M12 (Perennial vegetation, 6-months), 1995–2014, non-urban sites, and 

(Right) AOT40 (Perennial vegetation, 6-months), 1995–2014, non-urban sites). Reproduced from Mills et al., 

2018, DOI: https://doi.org/10.1525/elementa.302.f16. 

 

 

1M12 is the 12-h mean at ozone monitor inlet height, averaged over the period 08:00–19:59h (local 

time) for 3-months (wheat, rice) or 6-months (perennial vegetation), unit: ppb. AOT40 presented here 

uses the CLRTAP definition and is the sum of the difference between the hourly mean ozone value and 

40 ppb for all daylight hours over a specified time-period (3-months for wheat and rice, 6-months for 

perennial vegetation), unit: ppb h. Furthermore, the ozone value should be representative of the top 

of the plant canopy, usually considered to be 1 m for crops and grassland, and 20 m for trees 

(CLRTAP, 2017). As TOAR does not include information on the height at which ozone is measured, 

AOT40 has been calculated in TOAR from the ozone observations at the height of the ozone monitor 

inlet and not from the canopy height. W126 is the sigmoidally-weighted sum of all hourly ozone 

values observed during a specified daily and seasonal time window, where each hourly ozone value is 

given a weight that increases from zero to one with increasing values, units: ppb-hrs (TOAR-Metrics, 

US Federal Register, 2015). The strongest weight is given to values over 80 ppb. 

 

Trends in impacts on vegetation using metrics based on observations of ozone fluxes 

A comparison of impacts of ozone flux (POD3IAM) on wheat yield between 2010 and 2030 showed 

that predicted global annual losses were similar in the two years. Analysis was based on the current 

legislation scenario (ECLIPSE v5a emissions for 2010 and 2030; 

http://www.iiasa.ac.at/web/home/research/researchPrograms/air/ECLIPSEv5.html). This showed 

little difference in the impact of ozone in terms of % yield and production loss for wheat for the two 

time periods. While there are some minor increases and decreases in production loss using the two 

emissions datasets, the overall losses due to ozone in 2030 are still significant and the spatial 

patterns of impacts are similar in the two years (Figure 5). Mean wheat production losses in North 

America were 7.0% in 2010 and 5.8% in 2030, whereas mean wheat production losses in Europe 

http://www.iiasa.ac.at/web/home/research/researchPrograms/air/ECLIPSEv5.html
http://www.iiasa.ac.at/web/home/research/researchPrograms/air/ECLIPSEv5.html
http://www.iiasa.ac.at/web/home/research/researchPrograms/air/ECLIPSEv5.html
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were 8.0 % in 2010 and 6.8% in 2030. In the EECCA countries mean wheat production losses were 

7.9% in 2010 and 7.6% in 2030. Losses for individual countries in 2010 and 2030 are shown in Table 

1. The highest production losses in 2010 were in France, Germany, Turkey, UK and Poland, with these 

countries also predicted to have the highest production losses in 2030. 

 

 

 

Figure 5: Wheat production loss in a) 2010 and b) 2030 based on POD3IAM using the ECLIPSE current 

legislation scenario. 

 

Table 1: Wheat production loss for countries of Europe, North America and the EECCA region in 2010 and 

2030 based on POD3IAM using the ECLIPSE current legislation scenario. (Ordered within each region in 

descending total production. 

Country Region 

Total 
production 
(2010-12) 
(th. tonnes) 

Production 
loss in 2010 
(thousand 
tonnes) 

Production 
loss in 2030 
(thousand 
tonnes) 

% 
production 
loss in 2010 

% 
production 
loss in 2030 

United States North America 59053 5351 4384 9.06 7.42 

Canada North America 25115 1233 1037 4.91 4.13 

France Europe 38420 2965 2472 7.72 6.43 
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Germany Europe 23644 2244 1859 9.49 7.86 

Turkey Europe 20474 1300 1255 6.35 6.13 

United Kingdom Europe 14463 811 684 5.60 4.73 

Poland Europe 8866 937 768 10.57 8.66 

Italy Europe 7127 683 554 9.59 7.78 

Spain Europe 5823 438 375 7.52 6.45 

Romania Europe 5692 505 436 8.87 7.65 

Bulgaria Europe 4955 418 358 8.43 7.22 

Denmark Europe 4646 216 178 4.66 3.82 

Hungary Europe 4138 384 323 9.27 7.81 

Czech Republic Europe 3878 398 320 10.27 8.25 

Lithuania Europe 2319 203 168 8.76 7.24 

Sweden Europe 2237 103 81 4.58 3.61 

Serbia Europe 2225 192 163 8.62 7.32 

Greece Europe 1643 124 103 7.52 6.28 

Austria Europe 1431 143 111 9.98 7.78 

Slovakia Europe 1360 175 143 12.88 10.53 

Belgium Europe 1339 114 101 8.52 7.56 

Latvia Europe 1262 92 76 7.31 6.04 

Netherlands Europe 1239 82 77 6.65 6.18 

Finland Europe 862 33 27 3.85 3.12 

Ireland Europe 748 23 19 3.07 2.56 

Croatia Europe 656 58 49 8.91 7.44 

Switzerland Europe 604 44 34 7.36 5.59 

Estonia Europe 343 19 16 5.64 4.62 

Slovenia Europe 308 34 27 11.14 8.91 

Norway Europe 281 9 8 3.33 2.74 

Albania Europe 242 16 14 6.49 5.71 

Republic of North Macedonia Europe 230 15 13 6.52 5.54 

Bosnia and Herzegovina Europe 149 12 10 7.84 6.52 

Portugal Europe 57 5.95 5.20 10.51 9.18 

Cyprus Europe 48 6.01 5.46 12.55 11.41 

Malta Europe 16 0.73 0.66 4.59 4.18 

Montenegro Europe 2.35 0.13 0.11 5.62 4.65 

Canarias Europe 0.64 0.12 0.11 18.26 16.91 

Russian Federation EECCA region 45722 4086 3729 8.94 8.16 

Ukraine EECCA region 18243 1931 1701 10.59 9.32 
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Kazakhstan EECCA region 14080 859 787 6.10 5.59 

Uzbekistan EECCA region 7289 711 725 9.75 9.94 

Belarus EECCA region 2112 223 191 10.56 9.06 

Turkmenistan EECCA region 1412 121 123 8.54 8.75 

Azerbaijan EECCA region 1346 121 132 9.02 9.79 

Kyrgyzstan EECCA region 678 19.30 18.72 2.85 2.76 

Tajikistan EECCA region 675 47.22 48.43 7.00 7.18 

Moldova EECCA region 484 59.78 52.51 12.34 10.84 

Armenia EECCA region 210 8.07 8.01 3.84 3.81 

Georgia EECCA region 76.67 4.29 4.70 5.59 6.13 

 

 

Implications of the variability in sensitivity of different vegetation species to ozone 

Individual species vary in their sensitivity to ozone. For crops and trees this means that the most 

accurate assessments of predicting impacts should use the species-specific models (POD6SPEC), 

although species-specific models are not currently available for many species of crops, trees or semi-

natural vegetation. Crops known to be sensitive to ozone include wheat (which has a species-specific 

model) and bean (which does not). There are many other crops that are also sensitive to ozone, and 

cultivars of the same crop can show a high variability in sensitivity to ozone.  

For semi-natural vegetation the difference in sensitivity to ozone including the impacts on 

reproductive capacity means that there could be changes in relative species abundance due to 

altered competition and possible impacts on biodiversity (van Goethem et al., 2013; Hayes et al., 

2007; Hayes et al., 2009; Bergmann et al., 2015). 

 

Impacts of ozone on vegetation and ecosystems at 2030 and beyond 

Although the analysis is not yet complete, an estimate based on current knowledge is that the 

Gothenburg Protocol will not have eliminated the negative impacts of ozone on vegetation, even by 

2030. Estimates of wheat yield based on ozone fluxes show predicted yield losses of 5.8% and 6.8 % 

and 7.6% in North America, Europe and the EECCA countries respectively. Projections show that 

ozone risks to biodiversity will still occur by 2050, as ozone exposure will remain similar using RCP4.5 

compared to that experienced in 2000 (Fuhrer et al., 2016). Similarly, projections show that there will 

still be a significant effect of ozone on the biomass increment of trees (de Vries et al., 2017). 

 

Field observations of ozone impacts 

Visible leaf-injury symptoms attributed to ozone have been reported in ambient air conditions from 

across Europe over the periods 1990-2006 (Hayes et al., 2007b, Mills et al., 2011) and 2007-2015 

(Hayes et al., 2016). Symptoms have been reported on over 30 crop and over 80 semi-natural 

vegetation species and represent all regions of Europe (i.e. Scandinavia as well as central and 

southern Europe). Experimental work comparing response in ambient air to those in charcoal filtered 

air have also shown effects in northern Europe in addition to central and southern Europe. Many 
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studies between 1990 and 2005 showed improved performance of crops and semi-natural 

vegetation grown in filtered-air chambers compared to those in ambient air conditions. More 

recently there have been fewer studies (due in part to fewer experimental facilities), but significant 

beneficial effects on vegetation in filtered air compared to ambient air are still apparent (e.g. 

Calvete-Sogo et al., 2014; Gerosa et al., 2015). 

Biomonitoring experiments using an ozone-sensitive variety of white clover that were conducted 

across Europe by the ICP Vegetation showed that median injury scores were generally highest in the 

Mediterranean region and lowest in northern Europe, with central regions being intermediate. Over 

the period 1998-2006 there was high annual variation in the amount of injury observed, but no 

overall trends (Hayes et al., 2007b).  

 

 

Question 2.7. Is the monitoring and modelling system of the Convention sufficient to 
observe, assess and project air pollution and its effects related to the Gothenburg 
Protocol in the ECE region? If no, what are the main challenges and what is needed to 
meet them? 

 

 Consideration of changes in emissions both within and outside the ECE region is required in 

order to predict the impacts on vegetation and human health in a coordinated way. 

 Predictions of effects made during risk assessments should be verified with observations. 

However, observations of visible leaf-injury are becoming more scarce – possibly due to the 

change in ozone profile, and verifications of impacts on biomass and yield require expensive 

facilities. 

 Additional information is required to enable a more comprehensive assessment of impacts, 

particularly for consideration of effects on ecosystem aspects other than vegetation. In 

addition, parameterisation of the ozone flux-response relationship is required for a wider 

range of crop, tree and semi-natural vegetation species. 

 Model predictions can be improved following discrepancies highlighted from local application 

combined with local knowledge, as these detailed studies can be used to suggest 

improvements to models. 

 

Local vs global emissions 

The Convention would benefit from some more detailed analysis on the influence of emissions (and 

emissions controls) within the ECE region compared to the influence of emissions outside the ECE 

region. This is particularly pertinent for the precursors of ozone, which travel around the northern 

hemisphere, and the Gothenburg Protocol does not currently cover all regions where emissions 

contribute to these precursors. Although some of this work does occur, by individual bodies, this is 

not ‘joined up ’to the effects community in order to predict the impacts on vegetation and human 

health in a coordinated way. 
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Ground-truth of ozone impacts 

There is currently very little recording of ozone impacts in the ECE region. Within ICP Forests there is 

an opportunity to record visible leaf-damage on forest species. Within ICP Vegetation there is an 

opportunity to record visible leaf-damage on crops and semi-natural vegetation, which was 

extensively used in previous years. However, in reality very little data is collated. This is partly 

because visible leaf-damage is becoming more rare in the ECE region due to the reduction in episodic 

peaks of ozone, and it is the peaks that cause the most visible leaf-damage (Oksanen and 

Holopainen, 2001).  

Current scientific knowledge of cumulative fluxes of ozone (including from low ozone concentrations) 

shows impacts on crops, trees and ecosystems that include growth and flowering (number and 

timing). A more suitable observation and assessment method for these impacts could be the use of 

filtered-air chambers, to filter out ambient ozone pollution over a small area to show the 

yield/growth benefits of cleaned air compared to ambient air. This has been shown for some parts of 

the ECE region, particularly on wheat (Pleijel et al., 2018). However, the cost of this is prohibitive on a 

large scale and this is only currently carried out at very few institutions as part of their ongoing 

experiments. 

 

Improvements to risk assessments 

Accurate modelling of ozone impacts to vegetation requires parameterisation of the dose-response 

relationship for each individual species. This is currently limited by the availability of experimental 

data to parameterise both the stomatal uptake component and the yield-response component. 

There are many species (both crop, tree and semi-natural vegetation) for which such information 

does not currently exist, even for some of the common and commercially important species. 

Current risk assessments for impacts of ozone on ecosystems are focussed on the vegetation 

component. Qualitative assessments and information indicate that a much wider breadth of impacts 

occur in response to ozone pollution, including impacts on soil biota, and both directly and indirectly 

on other trophic levels including pollinating insects (Agathokleous et al., 2020). Analysis of such 

impacts in response to different pollutant scenarios would give a more comprehensive portrayal of 

ecosystem impacts. This would need a combination of experimentation across different 

biogeographical regions and further progress with well-established and parameterized process-based 

modelling activities. Links to national forest and crop production inventories should be explored for 

epidemiological analyses combined with Convention monitoring and modelling outputs of air 

pollutants exposure and deposition. 

Other responses at ecosystem level with strong feedbacks with climate change still need to be 
addressed. Effects on ecosystem functioning such as C sequestration in soils, water and nutrient 
cycling in ecosystems or resource use efficiency in agricultural crops can be even more relevant than 
effects on vegetation growth alone.  (e.g. Emberson et al., 2018; Harmens and Mills, 2012; Sun et al., 
2012).  

Local and regional application of modelling and mapping ozone impacts can highlight unexpected 

results that can indicate the requirement for verification of predictions and/or model improvements. 

For example, the PODySPEC (Phytotoxic Ozone Dose for SPECific plant species) has been mapped as 

part of the Swedish national environmental monitoring, for Norway spruce (Picea abies) and 

European Silver birch (Betula pendula) including far northern latitudes (Langner et al., 2019; Karlsson 

et al., 2021). Critical levels based on PODySPEC for spruce (9.2 mmol m-2 PLA) and birch (5.2 mmol 
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m-2 PLA) forests are exceeded over most of Sweden, even over large areas in the north close to the 

mountain range. In this example the modelled exceedance of the ozone critical levels in areas so far 

to the north is unexpected and needs to be further investigated.  

 

 

Question 2..: What are the expected impacts of new scientific findings on 
environmental and health effects assessments, for example on: critical loads, critical 
levels  of ozone, particulate matter, nitrogen dioxide and ammonia, dynamic modelling 
of ecosystem recovery, inclusion of marine ecosystems protection, interactions 
between air pollution, climate change, nitrogen fluxes and other stress factors for 
biodiversity (e.g. land use changes), additional or new metrics on health, damage to 
crops, ecosystems and/or materials? 
 

 Risk maps based on the AOT40 metric do not give a good prediction of the location of ozone 

impacts on crops and ecosystems, whereas risk maps based on the POD (ozone flux) metric 

are better at predicting the locations of ozone impacts.  

 Vegetation impacts can be predicted by total ozone flux, and this is not dependant on 

whether the ozone is delivered as an episodic regime with peaks, or as a regime based on 

increasing background concentrations 

 Climate change can alter exposure of vegetation to ozone. This can be via the timing of 

ozone exposure compared to sensitive growth stages by affecting phenology, or via the 

influence of meteorological and related parameters on stomatal opening and, therefore, 

ozone fluxes 

 Interactions between ozone and climate change that do not involve ozone fluxes are not 

currently accounted for in existing models used within the Convention. 

 Further research would be needed to derive ozone critical levels for impacts on ecosystems 

services. 

 As a result of lower nitrogen fertilization efficiency, ozone causes a risk of increased losses of 

nitrogen from agroecosystems, e.g. through nitrate leaching and nitrous oxide emissions. 

 Current critical levels for ozone do not currently take account of the local nitrogen deposition 

rate and the possible interactive effects. 

 There is some evidence suggesting that vegetation communities in pristine environments 

with low nitrogen deposition are most sensitive to tropospheric ozone. 

 

Ozone and Climate Change 

There can be interactive effects between ozone pollution and climate change on vegetation impacts. 

Some interactions alter the exposure of vegetation to ozone, such as accelerated phenological 

development with increasing temperature resulting in bud-break earlier in the year and consequent 

exposure of the plant to ozone earlier in spring than current models predict (Menzel et al., 2006, ICP 

Vegetation 2020). Changes in meteorological conditions and soil moisture due to climate change will 
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alter ozone fluxes to vegetation via influence on stomatal opening, however, the direction and extent 

of change will depend on the difference between perceived conditions and optimum conditions for 

each meteorological and soil moisture parameter (Hayes et al., 2019). In addition to interactions 

between ozone and climate that affect exposure to ozone and fluxes of ozone, there can be 

additional ‘non stomatal ’physiological interactions affecting plant physiology with consequences 

that can include alterations in crop yield. Such interactions that do not involve ozone fluxes are not 

currently accounted for in existing models used within the Convention. Further research would be 

needed to derive ozone critical levels for other ecosystems services such as biodiversity, pollination, 

hydrologic regulation, resource use efficiency, etc.. 

In addition to the influence of climate change on response to ozone of vegetation, there are also 

cases where ozone exposure can modify the responses of vegetation to environmental stresses 

including temperature and drought (Mills et al., 2009, Hayes et al., 2012, Dumont et al., 2013). Any 

indirect responses of vegetation to ozone, for example, via the altered response to changes in 

environmental conditions such as soil moisture, are not currently accounted for in risk assessments. 

 

 

Ozone and nitrogen 

There are potential interactive effects between ozone pollution and nitrogen. Ozone pollution can 

reduce the nitrogen use efficiency of some crops e.g. wheat, soybean and rice (Figure 6) (ICP 

Vegetation, 2020, Chapter 1, Broberg et al., 2017, Broberg et al., 2020). As a result of lower nitrogen 

fertilisation efficiency, ozone causes a risk of increased losses of nitrogen from agroecosystems, e.g. 

through nitrate leaching and nitrous oxide emissions. Tropospheric ozone thus has the potential to 

cause elevated nitrogen in streams and rivers compared to clean air conditions, but the potential 

magnitude of this has not been quantified. A similar pattern can be seen for semi-natural vegetation, 

as the stimulating effect of nitrogen on growth can be progressively lost with increasing ozone 

concentrations (Mills et al., 2016). In some cases soil N2O emissions can also be increased (Sánchez-

Martín et al., 2017). 

For crops, it has only been possible to investigate changes in ozone sensitivity at different nitrogen 

application rates for wheat, as there is insufficient data for other crops. A comprehensive meta-

analysis of the available wheat data showed that there was no significant relationship between 

ozone sensitivity and nitrogen application rate, indicating that there is no requirement to adjust 

critical levels for ozone for crops according to nitrogen load (ICP Vegetation, 2020 Chapter 1). 

The relationship between ozone sensitivity and nitrogen application rate is less consistent for semi-

natural vegetation. However, this heterogeneous response means that there can be changes in 

species composition of semi-natural vegetation communities where elevated ozone and additional 

nitrogen deposition co-occur (Calvete-Sogo et al., 2016). In addition, as elevated nitrogen  deposition 

can alter species composition (notably of grasslands), this can in turn influence the ozone-sensitivity 

of the community, with studies suggesting that vegetation communities in pristine environments 

with low nitrogen deposition are most sensitive to tropospheric ozone (Hayes et al., 2019b). Current 

critical levels for ozone do not currently take account of the local nitrogen deposition rate and the 

possible interactive effects. 
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Figure 6: Nitrogen Use Efficiency (shown here as grain yield relative to N applied) in wheat decreases with 

increasing ozone flux (POD). Figure reproduced from ICP Vegetation (2020). 
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